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Highlights 
 
· Bisphenol A (BPA) affects steroid, lipid, and visual pathways in zebrafish embryos 
 
· BPA induces persistence of yolk sac remains at 5 dpf and a reduction of eye size 
 
· Transcriptomic changes can be linked with the observed macroscopic alterations 
 
· Transcriptomic effects occur at 1/5 to 1/10 of the macroscopic LOEC 
 
· We propose an interaction of BPA with the estrogen and retinoid regulatory pathways 
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Abstract 

 

Despite the abundant literature on the adverse effects of Bisphenol A (BPA) as endocrine 

disruptor, its toxicity mechanisms are still poorly understood. We present here a study of its 

effects on the zebrafish eleutheroembryo transcriptome at concentrations ranging from 0.1 to 4 

mg·L-1, this latter representing the lowest observed effect concentration (LOEC) found in our 

study at three different macroscopical endpoints (survival, hatching and swim bladder inflation). 

Multivariate data analysis methods identified both monotonic and bi-phasic patterns of dose-

dependent responses. Functional analyses of genes affected by BPA exposure suggest an 

interaction of BPA with different signaling pathways, being the estrogenic and retinoid receptors 

two likely targets. In addition, we identified an apparently unrelated inhibitory effect on, among 

others, visual function genes. We interpret our data as the result of a sum of underlying, 

independent molecular mechanisms occurring simultaneously at the exposed animals, well 

below the macroscopic LOEC, but related to at least some of the observed morphological 

alterations, particularly in eye size and yolk sac resorption. Our data supports the idea that the 

physiological effects of BPA cannot be only explained by its rather weak interaction with the 

estrogen receptor, and that multivariate analyses are required to analyze the effects of toxicants 

like BPA, which interact with different cellular targets producing complex phenotypes.  

 

 

Capsule: Estrogenic- and retinoid-like transcriptomic effects of bisphenol A in zebrafish 

eleutheroembryos and their relationship with morphological alterations. 

 

Keywords: BPA, hormone-response, obesogens, RNA-seq, differentially expressed genes (DEGs), 

ANOVA-PLS 

   

  



Introduction 
 

Bisphenol A (BPA) is a key monomer used in the production of certain kind of plastics with wide 

household uses. It can be found in drink containers, food packaging, adhesives or beverage cans 

(among many others), as it is amply used in the manufacture of polycarbonate plastics and epoxy 

resins (Huang et al., 2012; Wang et al., 2015). Many studies have demonstrated that BPA leaks 

from the original plastics over time, and, as a consequence, it is continuously released in large 

amounts into the environment. According to the United States Environmental Protection Agency 

(EPA), the annual release of BPA into the environment exceeded 500 tons in 2012. BPA is 

ubiquitous in the environment, typically showing parts per billion (ppb) level concentrations in 

surface waters (from non-detectable to 56.0 µg·L-1) and plastic items leachates (0.1-7.7 µg·L-1) 

(Corrales et al., 2015; Le et al., 2008; Talsness et al., 2009) and parts per million (ppm) levels in 

landfill leachates (0.001-17.2 mg·L-1) and mill effluents (0.0002-0.4 mg·L-1) (Canesi and Fabbri, 

2015; Flint et al., 2012; Kolpin et al., 2002). 

 BPA is considered an important threat to the human health, wildlife and environment, owing 

to its estrogenic activity at environmentally relevant concentrations (0.1-1000 µg·L-1) (Arase et 

al., 2011; Cabaton et al., 2011; Careghini et al., 2015; Crain et al., 2007; Kang et al., 2006; 

Villeneuve et al., 2012; Xu et al., 2013). BPA alters gonadal functions at 0.2 µg·L-1 - 2.2 mg·L-1(Chen 

et al., 2017; Ekman et al., 2012; Lee et al., 2003; Richter et al., 2007b), and affects hepatic 

vitellogenin production in fish and other organisms at 0.5-22.8 mg·L-1 (Lindholst et al., 2000; 

Rankouhi et al., 2002). In addition to these effects on reproductive functions, exposure to BPA 

caused metabolic alterations in different animal models, including disruption of glucose 

homeostasis in rodents at 10 - 100 μg/kg/day (Alonso-Magdalena et al., 2010), disruption of lipid 

metabolism, increasing lipid storage and adipogenesis, and affecting body weight later in life at 

0.25 - 250 μg/kg/day (Rubin and Soto, 2009; Ryan et al., 2010; Somm et al., 2009). These 

metabolic effects seem to be related to fundamental cell functions and they have been reported 

not only in mammals, but also in fish (1.0-4.0 mg·L-1) (Ortiz-Villanueva et al., 2017b) and even in 

crustaceans, like Daphnia magna (5.1-32.0 mg·L-1) (Jordão et al., 2016b; Nagato et al., 2013). Due 

to the demonstrated window of sensitivity to BPA exposure during early development, the 



European Union and Canadian Authorities have banned the use of BPA in baby bottles and toys. 

EPA and the European Food Safety Agency (EFSA) established a tolerable daily intake (TDI) of 50 

and 4 µg/kg/day, respectively, derived from the no-observed-adverse-effect level (NOAEL) on 

liver and reproductive toxicity endpoints. This level of exposure, which can be reached from 

exclusively environmental, non-dietary exposures (EFSA, 2016; Lejonklou et al., 2017), may even 

be too high to protect consumers and wildlife, as environmentally relevant BPA doses below this 

TDI are already able to alter reproductive and metabolic functions in exposed animals (Richter et 

al., 2007a).  

 Zebrafish (Danio rerio) is becoming a preferred model for the analysis of sublethal effects 

of toxicants in vertebrates (Scholz and Mayer, 2008; Stegeman et al., 2010). It is easy to maintain, 

it has a short life cycle, and readily produce relatively large quantities of transparent embryos, 

the development of which has been extensively studied and can be observed using a variety of 

optical methods. Characteristically, zebrafish embryos hatch only 48-72 hours after fertilization 

(hpf), continuing its development as free-swimming eleutheroembryos until reaching the larval, 

self-feeding stage at about 120 hpf (Kimmel et al., 1995; Strähle et al., 2012). Zebrafish has been 

deeply studied at least at four -omic levels: genomics, transcriptomics, proteomics and 

metabolomics (Mushtaq et al., 2013), and it is considered a convenient vertebrate model for 

human and environmental toxicology (Raldúa and Piña, 2014; Strähle et al., 2012).  

During the last decade, both genomics and transcriptomics have large enhanced their 

performance specially with the development of high-throughput next generation sequencing 

(HT-NGS) technologies (Churko et al., 2013; Mortazavi et al., 2008; Reuter et al., 2015). Although 

both main HT-NGS technologies (microarrays and RNA-seq) have become powerful tools to 

analyze the transcriptome of many organisms, it has been the last one which has shown better 

advantages (Wang et al., 2009; Zhao et al., 2014). The use of HT-NGS to examine the effects of 

endocrine disrupting chemicals (EDCs) in zebrafish is becoming popular (Baker and Hardiman, 

2014; Caballero-Gallardo et al., 2016). Nevertheless, most of the studies focus on a reduced 

dataset of genes, on adult tissues, on a single-dose exposure or on the effects during the first 

hours when the embryos still haven’t developed most organs (Chen et al., 2018; Lam et al., 2011; 

Renaud et al., 2017; Saili et al., 2013; Tse et al., 2013; Wang et al., 2018). 



The aim of the present study was to analyze transcriptome changes in zebrafish 

eleutheroembryos exposed to BPA and to examine the underlying regulatory mechanisms 

responsible for the multiple toxic effects of BPA both in aquatic, terrestrial animals and in 

humans. 

 
 
Materials and methods 
 

2.1.  Animals and rearing conditions 

Adult zebrafish (12-18 months old, wild-type Danio rerio) were maintained under standard 

conditions (28 ± 1 °C, 12L:12D photoperiod) and fed twice daily with dry flakes (TetraMin, Tetra, 

Germany). Eggs were obtained by natural mating and collected and rinsed two hours after 

fertilization (hpf). Fertilized viable eggs were transferred to fish water (90 µg/ml of Instant Ocean 

-Aquarium Systems, Sarrebourg, France-, 0.58 mM CaSO4·2H2O, dissolved in reverse osmosis 

purified water) and kept under standard conditions. All procedures were conducted in 

accordance with the institutional guidelines under a license from the local government (DAMM 

7669, 7964) and were approved by the Institutional Animal Care and Use Committees at the 

Research and Development Centre of the Spanish Research Council (CID-CSIC). 

 

2.2.  Zebrafish eleutheroembryo exposure to BPA 

2.2.1. BPA solutions preparation 

Bisphenol A (BPA, Sigma-Aldrich, St. Louis, MO, USA) stock solutions (50, 500 and 2000 mg·L-1) 

were prepared in DMSO (dimethyl sulfoxide) and stored at -20 °C. During exposures fresh 

working solutions were prepared everyday by dissolving the stock solutions in fish water, with a 

final concentration of DMSO of 0.2% (v/v). Chemical analyses of these solutions were not 

performed as BPA has been shown to be stable for up to 48 h in water solutions (Jordão et al., 

2016b). Preparing and changing water solutions every day until the end of the exposures assured 

continuous exposure to BPA. 

 

2.2.2. Preliminary range-finding test 



A preliminary exposure to BPA concentrations ranging from 0 to 100 mg·L-1 was carried out from 

2 to 5 days post-fertilization (dpf). During the first 48 h, embryos were kept in clean water to 

avoid alterations in the very early embryonic process, and to focus in the responses of the already 

differentiated tissues to BPA. Two dpf embryos were randomly distributed in 6-well microplates 

at a density of 3 embryos/mL. During the range-finding test, the experimental groups included a 

vehicle control (0.2% DMSO), 0.1, 1, 2, 4, 6, 8, 10, 50 and 100 mg·L-1 BPA. Previous studies done 

in our laboratory have resulted in 0% survival rates of embryos exposed to environmentally 

relevant high BPA concentrations (1000 mg·L-1) found in landfill leachate and sewage treatment 

effluent sources (Crain et al., 2007; Kang et al., 2007). For that reason we set up our experiments 

to span from 100 mg·L-1 to the range of a recent proposed total allowable concentration of BPA 

for drinking water (100 µg·L-1) (Willhite et al., 2008). For each experimental condition, at least 50 

embryos were assessed for survival, hatching, swim bladder inflation rates and sub-lethal and 

teratogenic effects. Survival (3, 4 and 5 dpf), hatching rates (3, 4 and 5 dpf) and presence of 

inflated swim bladder (4 and 5 dpf) were recorded for each concentration. 

 

2.2.3. Embryo fixation and morphological traits 

Zebrafish eleutheroembryos exposed in the preliminary range-finding test during the period 2-5 

dpf were fixed in 4% paraformaldehyde (PFA) in PBS overnight at 4 °C and washed several times 

with PBS. Fixed eleutheroembryos were gradually transferred to 90% glycerol for preservation 

and facilitation of eleutheroembryo positioning. Lateral and dorsoventral images of the fixed 

eleutheroembryos were then taken in order to report morphological effects using a 

stereomicroscope Nikon SMZ1500 and a Nikon digital Sight DS-Ri1 camera. Embryo standard 

length, yolk sac area (YSA) and eye size (width) were measured using the free graphical image 

analysis software ImageJ (National Institutes of Health, Bethesda, MD, USA) (Raldúa et al., 2008). 

Values (length or width) were normalized by control group mean. Yolk sac area was expressed in 

mm2, with baseline correction by subtracting YSA mean value of the control group.  

 

2.2.4.  Zebrafish eleutheroembryo exposure to BPA and sample collection 

A second experiment was set up to collect samples for transcriptomic analysis. The 



concentrations used in the transcriptomic study were chosen to avoid molecular events directly 

related to alterations in development or embryo viability. In the preliminary range-finding test 

we determined 4 mg·L-1 of BPA as the lowest observed effect concentration (LOEC) (see section 

3.1.). For that reason, 4 mg·L-1 was used as the highest BPA concentration to carry out the 

exposures for the transcriptomic study. Therefore, eleutheroembryos were exposed to Control 

(0.2% DMSO), 0.1, 1, and 4 mg·L-1 BPA for three days from 2 to 5 dpf. BPA solutions were prepared 

as indicated above and changed every day. The anatomical development of embryos was 

followed daily during the exposure (Kimmel et al., 1995). Survival (3, 4 and 5 dpf), hatching rates 

(3, 4 and 5 dpf) and presence of inflated swim bladder (4 and 5 dpf) were recorded for each 

concentration. Replicate pools of 10 zebrafish eleutheroembryos were collected per condition 

from each replicate plate. Samples were snap-frozen in dry ice and stored at -80˚C until further 

analysis. 

 

2.2.5. Statistical analysis 

Differences between treatments in survival, hatching and swim bladder inflation (sections 2.2.2. 

and 2.2.4.) and in standard length, eye width and yolk sac area (section 2.2.3.) were analyzed 

using the non-parametric Kruskal-Wallis test with pairwise multiple comparisons since the data 

did not meet parametric assumptions. Analyses were performed using SPSS 24.0 (Armonk, NY: 

IBM Corp., 2016). Differences were considered to be significant when p < 0.05. Graphs (Figure 1, 

Supplementary Figures 1 and 2) were performed using GraphPad Prism (v. 6.07, GraphPad 

Software, La Jolla, CA, USA). 

 

2.3.  RNA isolation, library preparation and RNA sequencing 

Total RNA was isolated from the pools of 10 whole zebrafish eleutheroembryos using AllPrep 

DNA/RNA Mini Kit (Qiagen, CA, USA) as described by the manufacturer. Extracted RNA was 

reconstituted in RNAse-free water. Then, total RNA was assayed for quantity and quality using 

Qubit® RNA BR Assay kit (Thermo Fisher Scientific) and RNA 6000 Nano Assay on a Bioanalyzer 

2100 (Agilent Technologies). Three high-quality RNA biological replicates per condition were sent 

for sequencing to the National Center for Genomic Analysis (CNAG, Barcelona, Spain). In all cases, 



RNA concentrations ranged between 50-200 ng·µL-1, free of DNA and with RNA integrity number 

(RIN) > 8.  

 Libraries for RNA-Seq were prepared from total RNA using KAPA Stranded mRNA-Seq Kit 

Illumina® Platforms (Kapa Biosystems) with minor modifications. Briefly, after poly-A based 

mRNA enrichment with oligo-dT magnetic beads and 500 ng of total RNA as the input material, 

the mRNA was fragmented (resulting RNA fragment size was 80-250nt, with the major peak at 

130nt). The second strand cDNA synthesis was performed in the presence of dUTP instead of 

dTTP, to achieve the strand specificity. The blunt-ended double stranded cDNA was 3´adenylated 

and Illumina indexed adapters (Illumina) were added by ligation. The ligation product was 

enriched through 15 PCR cycles and the final library was validated on an Agilent 2100 Bioanalyzer 

with the DNA 7500 assay. 

 Each library was sequenced using TruSeq SBS Kit v3-HS, in paired-end mode with a read 

length of 2x76bp. We generated on average 40 million paired-end reads for each sample in a 

fraction of a sequencing lane on HiSeq2000 (Illumina) following the manufacturer’s protocol. 

Image analysis, base calling and quality scoring of the run were processed using the 

manufacturer’s software Real Time Analysis (RTA 1.13.48) and followed by generation of FASTQ 

sequence files by CASAVA software. More than 90% of the obtained reads mapped properly to 

the reference genome. The majority mapped to exonic regions and to protein-coding genes, with 

a total of 25,000 genes detected per sample.  

The data discussed in this publication have been deposited in NCBI's Gene Expression 

Omnibus (Edgar et al., 2002) and are accessible through GEO Series accession number GSE113676 

(https://www.ncbi.nlm.nih.gov/geo/query/acc.cgi?acc=GSE113676). Full description of mapping 

quality statistics can be found in Supplementary Table 1. 

 

2.4.  Data processing and differentially expressed genes (DEGs) analysis 

RNA-seq reads were aligned to the D. rerio reference genome (GRCz10) using STAR version 2.5.1b 

(Dobin et al., 2013). Genes annotated in GRCz10.84 were quantified using RSEM version 1.2.28 

(Li and Dewey, 2011) with default parameters. Data normalization was performed with the 

DESeq2 (v.1.10.1) R package (Li and Dewey, 2011; Love et al., 2014), which uses a variant of 



scaling factor normalization based on the assumption that most genes are not differentially 

expressed. In our case, we devised a dose-response experiment and decided to analyze both 

monotonic and non-monotonic responses, as both types of responses have been reported for 

many endocrine disruptors, including BPA (Vandenberg et al., 2012). For this reason, we chose 

the supervised ANOVA-PLS (Analysis Of Variance-Partial Least Square) analysis (lmdme package 

in R v. 1.0.136, R Core Team (Fresno et al., 2014)) to perform the differential expression analysis 

between all experimental conditions. ANOVA decomposes first the data matrix with the 

transcriptomic information of all samples (normalized and scaled) through a linear model, which 

takes into account the existence of different levels of exposure to BPA, but without requiring any 

assumption on the behavior of the different genes among these experimental subsets. In a 

second step, a PLS regression model is built between the matrices obtained in this linear 

decomposition (X) and the vector (y) that defines the class membership of the samples (control 

and BPA treated samples). The analysis determines if the experimental groups are different from 

each other, and it identifies features (variables) that describe best the differences between 

groups. We preferred this supervised, multi-level, multivariant method of data analysis as it 

reflects our experimental setup better than paired tests, like the Student's T test or the PLS-DA 

(Partial Least Square-Discriminant Analysis), in which a sample (usually, the control) is taken as a 

reference for all remaining conditions (Fresno et al., 2014). Thereby, ANOVA-PLS was performed 

on the normalized data scaled to the control set and log2 transformed, considering each one of 

the BPA concentrations (including controls) as a class. Genes showing significant variations 

among the classes were selected as DEGs for further analysis. The observed variations in selected 

DEGs were further confirmed by Real-time qRT-PCR (details presented as supplementary 

material). 

 Hierarchical clustering and PAM (partition around medoids) clustering analysis were 

performed using the packages gplots, fpc, and cluster in R. The PAM implementation in these 

packages performs a principal component analysis (PCA), to analyze the covariance matrix of the 

entered variables and to produce a two-dimension plot (two first components) that helps on 

visualization of how separable the defined clusters were. Samples from each cluster are 

differentially colored and marked with ellipses 



(https://www.rdocumentation.org/packages/cluster/versions/2.0.6/topics/pam). Significant 

differences between scaled values of all genes included in each cluster were assessed by one-

way ANOVA followed by post hoc Tukey’s B tests (p<0.05) to identify statistically different subsets 

of samples, using foreign and agricolae R packages. Further graphs, including heatmaps, were 

performed with the gplots package, also in R.  

 Functional analysis of DEGs was performed using DAVID Bioinformatic Resources 6.8 

Gene enrichment analysis was estimated in DAVID using the default zebrafish (Danio rerio) 

background; enrichment significances were set to a false discovery ratio (FDR) ≤5%. The analysis 

was limited to GO:Biological Function and KEGG datasets, for simplification. Identified modules 

with at least five hits were included in the network analysis, using the reshape2 and igraph 

packages in R (R Development Core Team (2008), 2008). Bipartite graphs were drawn from an 

incidence table of genes (represented by their official gene names, ZFIN.org), using igraph. Any 

two given genes were considered linked if they share at least one common KEGG or GO (Gene 

Ontology) module. Metabolic pathways were obtained from the KEGG database. 

 
Results 
 

3.1. Survival hatching and swim bladder (SB) inflation rates 

At the end of the preliminary range-finding test no significant differences in survival rates 

(ranging from 98-100 %) were observed in BPA concentrations up to 10 mg·L-1. In contrast survival 

rates at higher concentrations were found to be 0% (Supplementary Figure 1). Gross 

malformations (Figure 1) appeared at BPA concentrations of 10 mg·L-1. The first statistically 

significant effects (Kruskal-Wallis non-parametric test, p < 0.05) on hatching and swim bladder 

(SB) inflation appeared at 8 and 4 mg·L-1, respectively. We used the lowest concentration where, 

at least, one of these parameters was statistically different from the control (4 mg·L-1) as the 

LOEC to perform the next BPA exposure (section 2.2.4.). Similar LOEC value and alterations in 

development, malformations or larvae viability found in the present study are coincident with 

previous data (Lam et al., 2011; Ortiz-Villanueva et al., 2017a, 2017b; Pelayo et al., 2012). 

During the exposure carried out for the transcriptomic study, mortality was negligible and lethal 

endpoints such as coagulated embryos, lack of somite formation, non-detachment of the tail, or 



lack of heartbeat were not observed. The fraction of non-hatched eggs was only episodic for all 

concentrations, whereas as expected a significant lower rate of inflated swim bladder was 

observed at the highest concentration group (4 mg·L-1, Kruskal-Wallis, p < 0.05, Supplementary 

Figure 2).  

 

3.2. Analysis of BPA-induced morphological changes  

Total embryo length showed a 2-4% reduction at the highest concentration tested that did not 

presented gross malformations (8 mg·L-1) together with a 10-15% reduction of eye width (Figure 

1), indicating a mild effect on general embryo development. The most relevant macroscopic 

effect at this concentration range was the presence of yolk sac remains at 5 dpf, a period at which 

its resorption by the developing embryo should be essentially complete in normal conditions 

(Figures 1A and 1B). The effect was significant at BPA concentrations above 2 mg·L-1 following a 

linear dose-response effect (Figures 1A and 1B).  

 

3.3. Determination and classification of DEGs 

The ANOVA-PLS analysis identified 2539 genes differentially expressed in at least one of the 

experimental subsets (Control, 0.1 mg·L-1, 1 mg·L-1, or 4 mg·L-1) relative to the rest. Hierarchical 

clustering showed that the expression profiles of the selected DEGs closely reflected the 

experimental setup, as the different biological replicates for all treatment groups fell into the 

same hierarchical cluster, except for the 1 mg·L-1 class, which appeared divided into two 

subclusters (Figure 2, note that the 0 value -white- corresponds to the averaged control levels). 

PAM clustering defined three groups of genes, A, B, and C, including 960, 1132 and 447 genes, 

respectively, corresponding to three different expression patterns among treatment groups 

(Figure 3). Cluster A corresponds to genes whose mRNA levels steadily decreased as the BPA 

concentration increased, whereas transcripts included in Cluster B showed the opposite 

behavior. Conversely to the monotonic responses shown in Clusters A and B, genes in Cluster C 

display a bimodal response, with a maximum in untreated controls, a minimum value at the two 

middle concentrations, and an intermediate value at 4 mg·L-1 (Figure 3). Supplementary Figure 



3 shows a very strong correlation between RNA-seq values and Real Time qRT-PCR estimation of 

mRNA levels for several selected genes (r2=0.68, p≤10-4).  

 

3.4. DEGs Functional characterization 

DAVID functional analysis was carried out by both all DEGs together and for each of the three 

PAM clusters defined in Figure 3. Functional modules, either from the GO datasets or from the 

KEGG dataset with false discovery ratio (FDR) ≤ 5% were selected for further study. Figure 4A 

shows a network representation of modules from both GO:Biological Function and KEGG datasets 

in which transcripts (dots) are labeled by the cluster they belong; a quantitative representation 

of the same network is shown in Figure 4B. The results show different functional categories 

particularly enriched in Cluster B (genes upregulated by BPA), which included liver development; 

lipid transport; lysosome and protein glycosylation; cytochrome P450-mediated metabolism; and 

different metabolic pathways for lipids, glutathione, retinol, and steroid hormones. Clusters A 

and C shared most of their principal functional categories, although protein ubiquitination and 

glycolysis/gluconeogenesis pathways' genes were overrepresented in Cluster A, and Cluster C 

included a large subset of genes related to visual perception (Figure 4, note the colored areas in 

Figure 4A). Figure 5 shows graphic representations of relative mRNA levels of the genes included 

in some of these functional modules; the actual output of the DAVID analysis is shown in 

Supplementary Table 2. 

 

3.5. Analysis of putative modes of action of BPA  

Comparison between the observed BPA-induced transcriptomic changes with published results 

of zebrafish eleutheroembryos treated with all-trans Retinoic Acid (atRA), 9-cis Retinoic Acid 

(9cRA) (Navarro-Martín et al., 2018), or 17-ß-estradiol (E2) (Hao et al., 2013) revealed similar 

effects on several functional clusters (Figure 5, three bottom lanes). For example, the BPA-

induced general up-regulation of genes codifying for the enzymes of the retinol and glutathione 

metabolic pathways (dre00830 and dre00480, Figure 5) was also observed in retinoic acid-

treated eleutheroembryos. On the other hand, BPA induced changes in genes typically associated 

to the estrogenic response, like steroid hormone biosynthesis genes (dre00140), including 



cyp19a1b, the brain aromatase (Figure 5) (Kishida et al., 2001; Mouriec et al., 2009; Petersen et 

al., 2013; Puy-Azurmendi et al., 2014). The similarity between BPA- and E2-induced changes 

extends to at least another functional category, lipid transport (GO:0006869), as three lipid-

transport protein genes (apoa1a, apobb.1, and apoa4a) showed increased levels of mRNA upon 

exposure to both BPA and E2 (Figure 5). Similar correlations could be also seen, although in a less 

convincing extend, for the Glucolysis/gluconeogenesis pathway (dre00010). In contrast, the 

general decrease of visual-perception genes (GO:0007601) was not observed in E2-treated 

eleutheroembryos, but the same functional cluster showed a general upregulation in both atRA 

and 9cRA treatments (Figure 5). 

 

Discussion 

Transcriptome analyses create large datasets that are multivariate in nature, as each gene can 

be considered as a variable that can be explored to elucidate its relationship with physiological 

outcomes or with the experimental conditions. These analyses require multivariate analytical 

tools that reflect the experimental setup, which may vary notably from one experiment to 

another, depending on the experimental factors that have to be introduced in the model. In our 

case, we devised a dose-response experiment and decided to analyze both monotonic and non-

monotonic responses, as both types of responses have been reported for many endocrine 

disruptors, including BPA. For this reason, we chose the supervised ANOVA-PLS method (Fresno 

et al., 2014) as a multivariate analysis that incorporates the existence of different levels of 

exposure to BPA, but without requiring any assumption on the behavior of the different genes 

among these experimental subsets. By combining this analysis with the robust, non-supervised 

PAM clustering, we defined three patterns of expression, two of them reflecting a quasi-linear, 

monotonic dose-response to BPA, and a third one with a bi-phasic profile. The functional analysis 

of the genes included in these three clusters revealed that they participate in different biological 

functions, and that they may reflect the interaction of BPA with different regulatory signals 

(Murata and Kang, 2018). We observed a strong effect in many metabolic pathways, as shown in 

Supplementary Figure 4. Note that essentially all enzymes involved in testosterone metabolism 

to estradiol and other steroid hormones became overexpressed upon BPA treatment (Supp. 



Figure 4A), and so were most of the genes involved in the retinol metabolism (Supp. Figure 4B). 

Those results are coincident with the effects shown by BPA in zebrafish and other animal models 

(Lam et al., 2011; Lindholst et al., 2000; Morales et al., 2018; Ortiz-Villanueva et al., 2017b; 

Shmarakov et al., 2017). For the carbon metabolism module (Suppl. Figure 4C), there is a clear 

division between the genes codifying glycolytic enzymes (central pathway), which became 

downregulated, and those from the pentose-phosphate or the C-1 metabolic pathways, which 

became mostly upregulated (Suppl. Figure 4C).  

 Most current legal limitations for BPA use in food and baby items are rooted in its alleged 

estrogenic potency, for which there is abundant information, at least from in vitro or in culture 

experiments (Chapin et al., 2008; Vandenberg et al., 2009). This is consistent with the alteration 

of several estrogen-related genes in BPA-treated samples, including the activation of the brain 

aromatase, one of the best-known E2-regulated genes in fish embryos, and considered as a 

specific biomarker of exposure to estrogens (Kishida et al., 2001; Mouriec et al., 2009; Petersen 

et al., 2013; Puy-Azurmendi et al., 2014). However, most whole-animal toxicological data, either 

from fish or from mammals, suggest a pleiotropic mode of action that cannot be directly related 

to BPA estrogenicity (Le Corre et al., 2015; Murata and Kang, 2018; Nishizawa et al., 2003; 

Wetherill et al., 2007; Zoeller et al., 2005). BPA has profound effects in zebrafish metabolome, 

affecting lipid, retinol and sugar metabolism (Ortiz-Villanueva et al., 2017a). Our data are 

consistent with the well-known interaction of BPA with the estrogen receptor, but it also suggests 

that at least part of the effects observed in BPA treated zebrafish embryo can be explained by 

the simultaneous activation of other receptors. For example, cytochrome cyp26 genes become 

upregulated upon exposure to retinoids (Navarro-Martín et al., 2018), and its activation by BPA 

strongly suggest an interaction with the retinoic acid and/or the 9-cis retinoic acid receptors 

(RAR, RXR) (Acconcia et al., 2015; Navarro-Martín et al., 2018). The simultaneous activation of 

both receptors may explain the general upregulation of genes codifying enzymes involved in 

steroid hormone biosynthesis, glutathione metabolism, or lipid transport, as several of them 

appear to respond to the presence of one or both effectors. However, some of the observed 

responses to BPA appear to be unrelated to either estrogen or retinoid pathways, like the 

simultaneous increase of C1 metabolism and pentose phosphate pathway (PPP) genes, and the 



decrease of the glycolytic pathway. These effects may be related to reported BPA-mediated 

alterations in glucose and lipid homeostasis in mammals, putatively linked to estrogenic effects 

(Le Corre et al., 2015).  

 The decrease on different genes related to visual perception can be regarded as the 

transcriptional counterpart of the observed reduction in eye size. Effects on visual functions have 

been reported in zebrafish embryos linked to both BPA and bisphenol S, although the underlying 

mechanism of action is still to be determined (Kinch et al., 2016; Liu et al., 2018; Pelayo et al., 

2012). Microphthalmia also was observed in zebrafish eleutheroembryos treated with the 

thyroid hormone T3, which altered expression of opsin genes (Pelayo et al., 2012), a similar 

effect, but not identical, to the one observed here. BPA can act as a weak T3 agonist and as 

potentiator of T3 action, although the very low levels of thyroid function at these specific 

embryonic stages probably reduce the contribution of this pathway to the observed effects of 

BPA (Pelayo et al., 2012). It is more likely that the microphthalmia is due to alterations on the 

retinoid pathway, a key function in early eye development. The bi-modal response to visual 

perception genes to BPA probably indicates a rather complex toxic interaction, as very low doses 

of BPA reduced significantly their mRNA levels, an effect that became partially reverted by 

exposure to the highest tested concentration, which showed a strong inhibitory effect in many 

metabolic and energy-related transcripts. Exposure to BPA has been related with changes in 

larvae behavior in light-dark tests (Saili et al., 2012) and with alterations in the ability to 

discriminate color in adult zebrafish (Li et al., 2017). For that reason, we think that further studies 

are needed to elucidate if the BPA effects observed in the present study on eye width could be 

related to vision impairments and in consequence produce alterations in larvae behavioral 

responses. 

Yolk sac resorption appears as a sensitive macroscopic endpoint for embryonic toxicity in 

zebrafish. Persistence of yolk sac remains beyond 5 dpf has been linked to metabolic alterations 

in lipid use and energy metabolism in zebrafish (Raldúa et al., 2008; Sant and Timme-Laragy, 

2018). Our data suggest that BPA alters both lipid and energy metabolism, by increasing 

expression of lipid transport-related genes while reducing the expression of the glycolytic 

pathway. While this suggests a shift from sugar utilization to lipid degradation, it is unclear which 



biological mechanism lies behind this effect. Recent reports indicate that a potential candidate is 

the PPAR/RXR system (Peroxisome Proliferator-Activated Receptor), especially considering the 

implication of this complex in the regulation of multiple metabolic pathways, and particularly of 

those related to sugar and lipid metabolism (Huang and Chen, 2017; Lempradl et al., 2015). It is 

presently unclear whether or not BPA directly interacts with any of the known PPARs, or whether 

at least part of the effect may be mediated through the co-activator RXR, the 9-cis retinoic acid 

receptor. RXR interacts with many other cellular receptors, and this will at least partially explain 

the pleiotropic effects of exposure to BPA. For example, this mechanism was suggested to explain 

the BPA interaction with thyroid hormone regulation, also in zebrafish (Pelayo et al., 2012). In 

addition, the observed changes produced by BPA in the pattern of energy utilization in zebrafish 

are reminiscent to the observed accumulation of storage lipids into lipid droplets in the 

crustacean D. magna. As no convincing homolog for PPARs have been found in Crustaceans yet, 

this effect has been attributed to the putative interaction with RXR and other receptors (Jordão 

et al., 2016a). Finally, the presence of yolk sac remains at 5 dpf may also be a side effect of the 

estrogenic activity. E2-treated embryos show at least some of the transcriptomic effects of BPA 

linked to lipid metabolism (Figure 5), and they also show similar macroscopic effects when 

exposed to high concentrations of E2 (unpublished results). Finally, recent studies using 

molecular pathway analysis tools suggest multiple effects of BPA on cell signaling, including Fox 

and MapK pathways in mammals (Murata and Kang, 2018), which could be related to the 

observed effects on liver, and perhaps also eye, development. 

 

Conclusion 

The dose-response setup of our data allows drawing some conclusions about the cause-effect 

relationship between transcriptomic and morphological responses. While several of the observed 

changes in transcript abundances can be functionally related to the persistence of yolk sac 

remains and the shrinkage of eyes, they appeared at exposure levels 5 to 10 fold lower than the 

observed LOEC for these specific macroscopic alterations (Figures 1 and 5). In addition, significant 

changes on embryo length that could be attributed to a general systemic disruption, only 

occurred at the highest range of BPA concentrations used in this work (4 mg·L-1 and higher). We 



therefore consider that the transcriptomic changes are directly related with the primary action 

of BPA (e.g. receptor interaction or enzyme inhibition) rather than a consequence of the 

alteration of the embryo development (e.g. changes in tissue formation and composition). We 

have described transcriptomic alterations reflecting the molecular events implicated in BPA 

toxicity, which most likely transcend its well-known, but rather weak estrogenic activity. The 

present study contributes understanding of the environmental and human health hazards 

associated to the ubiquitous presence of BPA in the environment. 
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Figure Legends 

 

Figure 1. Morphological results from the preliminary range-finding test. A) Effects of the BPA 

exposure in the area of the yolk sac remnants, relative eyes width and relative embryo standard 

length. The size of the yolk sac (YS Area) is expressed in mm2, with baseline subtraction. Relative 

eyes width and standard length is expressed in relative values (normalized by control group 

mean). Low-case letters in each graph indicate statistically different distributions (Kruskal-Wallis 

non-parametric test with pairwise multiple comparisons, p < 0.05). B-C) Representative images 

of yolk sac area (B) and relative eye width (C) means for each BPA condition are shown. SEM = 

standard error of the mean. In C), the blue line indicates the length of the control; the red line 

represents a decrease of that distance. The parameters at 10 mg·L-1 were not determined (ND) 

due to the high rates of malformations at this BPA concentration. Survival rates at 50 and 100 

mg·L-1 were 0% and in consequence no data exists for both treatment groups. 

 

Figure 2. Heatmap corresponding to 2539 genes identified by ANOVA-PLS as differentially 

expressed in at least one of the experimental subsets (Control, 0.1 mg·L-1, 1 mg·L-1, or 4 mg·L-1, 

color bars at the bottom of the map) relative to the rest, hereafter referred to as DEGs, 

differentially expressed genes. Values were centered to the average of Control samples and then 

log2 transformed. Color scale ranges from blue (strongly underrepresented relative to controls) 

to red (strongly overrepresented); white cells correspond to control values. Both rows (genes) 

and columns (samples) were grouped by hierarchical clustering; the corresponding dendrograms 

are shown at the left and the top of the panel, respectively.  

 

Figure 3. Results from PAM clustering of DEGs. A) PCA analysis showing the three defined clusters 

labeled in blue, red and yellow (Clusters A, B and C, respectively), as identified by the PAM 

function in R. The two displayed components explain 56% of total point variability. B) Distribution 

of normalized abundance values for genes included in each of the three clusters. Low-case letters 

at the top of each graph indicate statistically different distributions (ANOVA + Tukey's B (p ≤ 0.05) 

post-hoc test (all possible pairwise comparisons) was used to determine differences between 



groups). Thick bars indicate average values, boxes include values between the 1st and 3rd 

quartiles, whiskers cover the total distribution, except for outliers (circles). 

 

Figure 4. Functional analyses of DEGs, distributed in clusters as shown in Figure 3. A) Network 

representation of DEGs according to their adscription to functional modules (GO:biological 

process and KEGG databases, codes for each module are given as nodes). DEGs are represented 

by dots, colored by clusters as in Figure 3. Color areas indicate groups of functional modules 

considered of particular relevance (see the text). B) Distribution of DEGs among the different 

functional modules (rows) and clusters (columns). Only modules with at least 5 hits in one of the 

clusters are represented; redundant modules were simplified to the one with the highest number 

of hits. Numbers indicate the absolute number of DEGs for each module and clusters, colors (heat 

code, from red -few- to white -most-) represent the relative importance of metabolites 

associated to each pathway for each cluster; two squares of the same shade of color correspond 

to identical fraction of DEGs for each cluster.  

 

Figure 5. Graphic representation of mRNA abundance changes of DEGs associated to relevant 

functional modules, as defined in Figure 4. The three upper rows of each heatmap correspond to 

relative values for samples treated with 0.1, 1, and 4 mg·L-1 BPA (averages of the three biological 

replicates), respectively. Color scale from blue (underexpression) to red (overexpression) as in 

Figure 2; note that white represents control values. The three lower rows correspond to 

microarray data of zebrafish eleutheroembryos treated with either all-trans retinoic, 9-cis 

retinoic acid [45] or 17-ß-estradiol [46]. Color scale is the same as for BPA-treated samples, 

although in this case, additional grey sectors correspond to genes not present or not quantified 

in the corresponding microarray. 
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Supplementary Material 
 

Supplementary Methods 

 

RT-qPCR analysis 

RNA subsamples from the different preparations used for RNA seq were reverse-transcribed to 

cDNA using Transcriptor First Strand cDNa Sythesis Kit (Roche Diagnostics) following 

manufacturer's protocols. Eight transcripts were analyzed, ppiaa (reference gene), aldoab, 

apoba1, cyp19a1b, fads2, gsta.1, pklr, and rpe65a. Primers were designed using Primer Express 

2.0 software (Applied Biosystems, Foster City, CA, USA) and the Primer-Blast server 

(http://www.ncbi.nlm.nih.gov/ Tools / primer-blast) and synthesized by Sigma (San Louis, MO, 

USA, final primer pairs are listed in Supplementary Table 3). Real-time PCR reactions were carried 

out on LightCycler® 480 Real-Time PCR System (Roche Diagnostics, Mannheim, Germany). The 

amplification program used consisted of 10 min at 95 °C, followed by 45 cycles (10 s at 95 °C, 30 

s at 60 °C). After the amplification, a dissociation analysis was also programmed to evaluate the 

specificity of the reaction. 

 

The efficiency of amplification reaction of each target gene was evaluated by serial dilutions of 

cDNA and subjected to amplification under the same conditions as above. Relative mRNA 

abundances of different genes were calculated from the second derivative maximum of their 

respective amplification curves (Cp, calculated by duplicates). To minimize errors in RNA 

quantification among different samples, Cp values for target genes (Cptg) were normalized to the 

average Cp values of reference gene, following the equation: ΔCptg = Cpppiaa – Cptg. Changes in 

mRNA abundance in samples from different treatments were calculated by the ΔΔCp method 

(Pfaffl, 2001), using corrected Cp values from treated and non-treated samples, following the 

equation:  ΔΔCptg = ΔCptg_untreated − ΔCptg_treated. Fold-change ratios were derived from 

those ΔΔCptg values. 

 

 











Supplementary Figure legends 

 

Supplementary Figure 1. Survival, hatching and swim bladder (SB) inflation rates at 3, 4 and 5 

dpf for the preliminary range finding test. Letters indicate statistically different sets of values 

(non-parametric Kruskal-Wallis test with pairwise multiple comparisons, p < 0.05).  From these 

data, we derived a BPA concentration of 4 mg·L-1 as the macroscopic LOEC (lowest observed 

effect concentration). Survival rates at 50 and 100 mg·L-1 were 0% (displayed in the figure). 

 

Supplementary Figure 2. Survival, hatching and swim bladder (SB) inflation results at 3, 4 and 5 

dpf for the second experiment used for the transcriptomic analysis (control, 0.1, 1 and 4 mg·L-1 

of BPA). Non-parametric test (Kruskal-Wallis test with pairwise multiple comparisons, p < 0.05) 

was performed. Letters indicate statistically different sets of values. LOEC value obtained (4 mg·L-

1) is coincident with the preliminary range finding test results. 

 

Supplementary Figure 3. Correlation between the results of RNA-seq and real-time qRT-PCR in 

the relative expression of 7 genes (aldoab, apoba1, cyp19a1b, fads2, gsta.1, pklr and rpe65a). 

The relative expression values obtained by RNA-seq and qRT-PCR are represented in y- and x-

axis, respectively. A linear regression over the log-transformed values show a very strong 

correlation between the two quantitation methods (p < 0.0001, R2 = 0.6845).  

 

Supplementary Figure SF4. KEGG metabolic maps corresponding to modules dre00140 (Steroid 

hormone biosynthesis, A), dre00830 (Retinol metabolism, B) or dre01200 (Carbon metabolism, 

C). DEGs are cluster-colored in blue (Cluster A) or red (Cluster B). Glycolytic pathway (Gly, blue), 

pentose phosphate cycle (PPP, orange), C1 metabolism (C1, brown) and Krebs' cycle (TCA, purple) 

are highlighted in panel C.  

 

Supplementary Table ST1. RNA-seq readings and mapping quality statistics. 

 

Supplementary Table ST2. Results from DAVID Functional Analysis, FDR≤5%. 



 

Supplementary Table ST3. Primers, efficiency and accession number for the genes measured 

with qRT-PCR (ppiaa, aldoab, apoba1, cyp19a1b, fads2, gsta.1, pklr, and rpe65a). 

 
 


